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a b s t r a c t
The involvement of ecological theory in habitat restoration has signiﬁcantly increased in the past decade. However, despite the fact that the ﬁeld of restoration ecology has grown academically strong in recent years, there are
still visible gaps between the advancing discipline of theoretical ecology and current approaches of habitat restoration. We propose bridging these gaps by linking recent developments in theoretical plant ecology with the
main questions every restoration practitioner should ask, namely: Q1) How to identify target species and baseline conditions for restoration of the selected habitat?; Q2) When can one count on spontaneous dispersal and
when are additional efforts required for facilitating dispersal of desired species?; Q3) Which factors determine
the successful establishment of target species and assembly of target communities?; and Q4) What time-scale
needs to be considered for the evaluation of species colonisation and restoration success? Knowledge and experience accumulated in practical restoration can considerably beneﬁt theoretical ecology for example by improving the understanding on (i) temporal changes in community, (ii) species assembly, (iii) species dispersal and
establishment and (iv) landscape-scale dynamics of biodiversity. We emphasise that to improve joint thinking
of practical restoration and theoretical ecology, restoration-problem-driven theoretical research is necessary.
We suggest either (i) to translate and link the current ﬁndings of theoretical ecology to restoration strategies;
and/or (ii) to summarise practical restoration needs by formulation of questions and testable hypotheses
based on theory.
© 2016 Elsevier Ltd. All rights reserved.

1. Introduction
During the past century, most ecosystems have faced large-scale
degradation as a result of increasing inﬂuence of agriculture, urbanisation, climate change and other human-related factors (Bakker and
Berendse, 1999; Walther et al., 2009; Bullock et al., 2011; Steffen et al.,
2015). To ensure a sustainable future, biodiversity conservation approaches must start shifting from traditional, often rather passive site
preservation and small-scale site-level restoration to the direction of
large-scale, holistic restoration and conservation efforts, grounded on
a solid theoretical basis (Higgs et al., 2014; Perring et al., 2015).
The involvement of ecological theories in habitat restoration has signiﬁcantly increased in the past decade, and a scientiﬁc framework for
restoration has been established (Society for Ecological Restoration
International Science & Policy Working Group, 2004). While the ﬁeld
of restoration ecology has grown academically strong, there are still visible gaps between advancing ecological theory and the actual approaches used during habitat restoration. Lack of strong application of
ecological theory in habitat restoration and vice versa, application of
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practical restoration experience to ecological theory, could be caused
by insufﬁcient communication between theoretical ecologists, restoration ecologists and practitioners. Problems and questions arising in
practical restoration seldom ﬁnd their way to theoretical works. Similarly, highly relevant but mostly rather complicated ecological theories
are often not ‘translated’ into practically applicable solutions for restoration practitioners. The necessity of establishing a stronger scientiﬁc
foundation for habitat restoration has already been emphasised by several authors (Young et al., 2005; Temperton, 2007; Perring et al., 2015).
Similarly, although ecological restoration has long been recognized as
‘the acid test of ecological theory’, theoretical ecology does not fully
exploit the opportunities offered by habitat restoration for testing ecological concepts and theories in the ﬁeld (Bradshaw, 1987; Young
et al., 2005).
We bridge these conspicuous gaps between practice and theory by
linking recent theories in theoretical plant ecology with the main questions every restoration practitioner should ask: Q1) How to identify target species or baseline conditions in restoration for the selected
habitat?; Q2) When can one count on spontaneous dispersal and
when are additional efforts required for facilitating dispersal of desired
species?; Q3) Which factors determine the successful establishment of
target species and assembly of target communities?; and Q4) What
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time-scale needs to be considered for the evaluation of species colonisation and restoration success? Being able to answer these questions not
only positively inﬂuences the restoration outcome, but also helps in restoration planning (i.e. community and method selection), the implementation of habitat restoration and strongly supports the issues of
sustainability (Fig. 1). In the second part of the paper we explore how
restoration can contribute to reﬁnement of or testing of ecological theories and we provide guidelines for future research.
We used Palaearctic grasslands as model communities for explaining
theories, for several reasons. First, they cover a wide range of habitats
characterised by diverse environmental conditions and have a considerable extent in the Palaearctic realm (Dengler et al., 2014; Dixon et al.,
2014; Wesche et al., 2016). Second, they have a high conservation and
restoration interest and harbour an extremely high biodiversity
(Wilson et al., 2012). Finally, there has been a great deal of both theory
and restoration driven research in Palearctic grasslands in the last decades (Kiehl et al., 2010; Török et al., 2011; Dengler et al., 2014; Helm
et al., 2015; Valkó et al., 2016).
2. How to identify target species and baseline conditions in restoration for the selected habitat?
Central goals of habitat restoration are (i) the establishment of a selfsupporting ecosystem that is highly resistant and resilient to perturbation (Ruiz-Jaen and Mitchell Aide, 2005) or (ii) establishment of an ecosystem that can be managed in a sustainable way (i.e. semi-natural
grasslands traditionally maintained by extensive moving or grazing;
Dengler et al., 2014; Kelemen et al., 2014). Most often, these goals are
expected to be achieved through the restoration of species composition
and functioning similar to the targeted reference habitat or to some kind
of agreed baseline. Baseline or reference habitat is usually deﬁned by the
historical state or by using contemporary examples from good-quality
target habitat (SER International Science & Policy Working Group,

2004). As technical reclamation is often expensive, it is vital for practitioners to ﬁnd the most cost-effective, yet most efﬁcient method for restoration by aiming for the most realistic restoration target and
considering also the initial habitat conditions of potential receptor
sites (Fig. 1).
The ambiguity in the determination of target habitat already provides the ﬁrst obstacle for practitioners to overcome. It is increasingly
difﬁcult to identify reference habitat or the set of target species in a
quickly changing environment where the historical conditions or ecological characteristics of the surrounding landscape are almost impossible to meet (Higgs et al., 2014). This obstacle can be overcome by
engaging the species pool concept (Zobel et al., 1998; Pärtel et al.,
1996; Zobel, 2016) and desirable species composition for restored habitats can be found by identifying the composition of a habitat speciﬁc
species pool. The habitat speciﬁc species pool is a set of species that
occur naturally in the given region and that are able to disperse to, establish, survive and reproduce in a particular site or habitat (Zobel,
2016).
The success and the speed of habitat recovery are strongly inﬂuenced by the availability of species in the surrounding landscape. Identiﬁcation of the composition and size of habitat speciﬁc species pool
provides knowledge of which species are to be expected to arrive at
the habitat being restored and helps to set measurable goals for restoration and to help quantify success (Lewis et al., 2016). The size of the species pool is strongly related to local species richness (Pärtel et al., 1996;
Tscharntke et al., 2012) and thus also to the expected diversity of the restored habitat site. For example, European calcareous grasslands usually
have large species pools, i.e. there have historically been many species in
the region that are suitable for such environmental conditions, rendering their historically characteristic local species richness high. Conversely, oligotrophic heaths have very few suitable species in their species
pool. Thus, when setting restoration goal, these differences must be
taken into account.

Fig. 1. A practice-driven link between habitat restoration and theoretical plant ecology: Key questions to be answered during habitat restoration
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Similarly, knowledge about the species pools should be used while
evaluating and monitoring restoration success. To take into account
this variability in species pool sizes, and thus also in the expected restoration result, we can use concept of dark diversity and index of community completeness (Pärtel, 2014). Dark diversity is a set of species that
are in the historically developed habitat-speciﬁc species pool for a particular site, but are currently absent (Pärtel et al., 2011). During restoration, all species from the species pool that have not yet arrived at the
restoration site belong to dark diversity. The Index of community completeness is calculated as the logistic expression, ln (observed richness/
dark diversity) and it expresses in relative terms how many species
out of the total species pool are already present at the site and how
many are in the dark diversity (Pärtel, 2014). An increase in value of
the community completeness index should be the goal of every habitat
restoration project.
Species pools can be estimated from information available for species
geographical distribution, habitat requirements and dispersal abilities. In
recent years, a number of publications have focused on the methodology
of determining the composition of species pools, whether using binary
thresholds (belonging or not belonging to particular species pool, e.g.
Lewis et al., 2016; Helm et al., 2015; Pärtel et al., 2011) or probabilistic approaches (a species is part of a species pool for particular habitat with
some kind of probability ranging from 0 to 1, e.g. Lessard et al., 2016;
Karger et al., 2016). By acknowledging and identifying the composition
of the species pool and thus identifying and recognising the amount
and identity of species available for the restored habitat, we can set
more realistic goals for restoration, or when deemed necessary, re-introduce the species to a deteriorated species pool and the restored site.
Often, there are also a number of species arriving at the restored habitat that do not belong to the habitat-speciﬁc species pool for a particular
habitat, either being non-native or being more characteristic of other habitat types in the region. Thus, total species richness per se is not a suitable
indicator for restoration needs or targets, and that following the restoration, we should be very cautious in interpreting the change in total species
richness values. Thus, we advocate the use of a more ecologically reasoned approach that separates total species richness into two parts: the
characteristic diversity i.e. characteristic species for the restoration target
reference community, and the derived diversity i.e. other species, which
are either problem plants or plants characteristic of other non-target habitat types (Helm et al., 2015). Most restoration actions should be focused
on increasing the number and abundance of the ﬁrst group, often referred
to in restoration ecological terminology as ‘target species’ and suppress
and/or prevent the establishment of the second group.
Ongoing climate change adds another angle of complexity to restoration ecology. Implications of changing climate should also be taken
into account as much as possible during practical restoration in order
to ensure the development of sustainable ecosystem (Harris et al.
2006). One theoretical solution that could have its direct inﬂuence on
practical restoration would lie in our improved ability to predict the
composition of novel species pools for altered environmental conditions
(Hobbs et al., 2014a, b; Kasari et al., 2016). Novel species pools would include species that are expected to be part of ecosystems under changed
conditions (Kasari et al., 2016). They can theoretically be both natives
but also non-natives that are expected to increase/shift their range
with changing climate. It may be potentially contentious to start introducing new ‘suitable’ species during restoration and hence go down
the road of assisted migration. Hence, knowledge of the species and
trait composition of novel species pool would allow us to foresee
which species are less likely and which species are more likely to persist
and contribute to a restored community in the future.
3. When can one count on spontaneous dispersal and when are additional efforts required for facilitated dispersal of desired species?
The assigned costs and implementation facility (i.e. machinery, manpower) for restoration actions are usually limited - most cases
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restoration actions are funded by a private company or government,
which expect results and successes. Thus, it is important to know
which methods can be most easily and cost effectively applied. In such
decisions, considering the surrounding landscape structure and composition is critical. It helps to assess whether it is possible to rely on spontaneous dispersal in restoration or whether species transfer by technical
methods is needed to achieve the desired outcome. During the past decade, the importance of incorporating landscape context to both conservation management and habitat restoration has been stressed by
several authors, because factors that determine the diversity, resistance
and resilience of natural communities often operate at the landscape
scale (Tscharntke et al., 2012; Auffret et al., 2015). However, until recently, landscape context has rarely been considered in restoration
planning. It is important to stress that the (i) total area and connectivity
of habitats in the landscape, (ii) landscape compositional heterogeneity
(i.e. larger variety of different habitat types) and (iii) conﬁgurational heterogeneity (i.e. spatial arrangement of habitat patches) have signiﬁcant
effects on species dispersal patterns and on local biodiversity (Fahrig,
2003; Fahrig et al., 2011, Tscharntke et al., 2012; Dengler et al., 2014).
For grassland plants, Loos et al. (2014) found that local plant species diversity was highly dependent on grassland area and continuity, and
have also emphasised the importance of the mosaic character of the
landscape. Duﬂot et al. (2014) showed that landscape heterogeneity,
i.e. diversity of habitat types, and the area of the dominant habitat
type in the landscape were the main predictors for functional composition and dispersal traits of grassland plant communities. In addition to
plants, habitat connectivity, landscape heterogeneity and habitat area
have been shown to be important to diversity of a number of animal
groups (Kormann et al., 2015; Rösch et al., 2013; Brückmann et al.,
2010). Restoration success can also be strongly inﬂuenced by the size
and shape of the restoration site; large sites without adjacent grassland
patches are less likely to be colonised than small sites with
neighbouring grasslands (Cousins and Lindborg, 2008).
However, not all species are similarly affected by landscape structure
and habitat spatial composition, and those species that are most susceptible to habitat loss and fragmentation are often the ones that need the
most active approaches during habitat restoration. Species dispersal
likelihood, local persistence and competitive ability are among the
main life-history traits that determine species capacity to persist following habitat fragmentation or to re-colonise restoration sites (Redhead et
al. 2014). Species dispersal is limited in space and for many grassland
plants, the realistic dispersal range is only up to a few hundreds of metres (Turnbull et al., 2000; Cousins and Lindborg, 2008). Thus, for spontaneous recovery, proper seed sources for an effective dispersal in the
nearest vicinity of the restored habitat are crucial (Benayas et al.,
2008). Nearest vicinity for grassland plants can be considered as being
in the direct contact with restored area with up to few hundred metres
(Prach et al., 2015). For example, in the ten years following restoration
Donath et al. (2003) recorded the colonisation of target species to new
areas only if the sources were closer than 50 m (mostly even less than
20 m). At maximum, the distance to possible seed sources should not
be more than 1 km, as it is highly unlikely that migration or gene ﬂow
will occur over larger distances (Aavik et al., 2013; Prach et al., 2015).
When there are no seed-sources nearby, species transfer is required,
preferably from natural populations in the same region (Mijnsbrugge
et al., 2010; Aavik et al., 2013). In small isolated habitats where exchange of genetic material with other populations is unlikely, species
transfer needs to be repeated over several consecutive years for building
up and maintaining viable and genetically diverse populations. The latter is especially important for species with relatively good dispersal abilities and with special dispersal vectors as they have historically
beneﬁted the most from well-connected meta-communities (Saar et
al., 2012; Soons and Heil, 2002) and due to the trade-off between local
competitive ability and dispersal ability (Westoby et al., 1996), they
are relatively less favoured in current landscapes and in more nutrient
rich conditions nowadays. For the assessment of dispersal capacity of

88

P. Török, A. Helm / Biological Conservation 206 (2017) 85–91

plant species, one can use a model by Tamme et al. (2014) that predicts
seed dispersal distances from simple plant traits.
Lack of suitable dispersal vectors can considerably hinder the successful colonisation of species. A number of plant species have propagules with special adaptations for dispersal, e.g. awns and hooks for
attaching to mammalian fur, or special structures (e.g. pappi) for
being carried by wind. Ozinga et al. (2009) showed that species with adaptations for dispersing via water or that use the fur of mammals for dispersal are over-represented among declining species in NW Europe.
Many grassland species in Europe are adapted to disperse with the
help of animals, whether in fur (Fischer et al., 1996) or via dung (Malo
& Suárez, 1995). Spatially too concentrated grazing, lack of landscapescale movement of animals (either wild or domesticated) between habitat patches can substantially hinder the dispersal patterns and success
of restoration and persistence of species diversity (Bakker & Berendse,
1999).
Considering and understanding landscape-scale patterns and dispersal processes allow the identiﬁcation of suitable restoration sites
and aim for better restoration outcome (Auffret et al., 2015). For background information, there is a magnitude of literature tackling the effect
of landscape-scale factors on biodiversity. For example, detailed review
and methods for quantifying landscape scale factors on local and landscape-scale species richness are provided by Fahrig et al. (2011).
Kumar et al. (2006) have proposed a general methodology for the assessment and quantiﬁcation of spatial heterogeneity and to evaluate
its role in inﬂuencing patterns of habitat diversity.
4. What determines the successful establishment and assembly of
target species?
Habitat history, site conditions, severity of disturbance and existing
species composition can inﬂuence the structural development of restored communities and their “openness” to colonisation (Montoya et
al., 2012; Eriksson et al., 2006; Walker et al., 2014). Understanding the
accompanying factors related to assembly rules, i.e. constraints to species co-existence, are highly relevant in restoration (Götzenberger et
al., 2012; Montoya et al., 2012). If the arrival of species is not limited
by the availability of seed sources, or when species are directly transferred, species establishment is driven by the abiotic conditions of a
given site (i.e. environmental habitat ﬁltering) or by the respective species assemblage at the site (i.e. biotic ﬁltering) (Lhotsky et al., 2016).
During environmental ﬁltering, species with more or less similar functional characteristics are favoured, leading to a functionally less diverse
community (Lhotsky et al., 2016; de Bello et al., 2012). To take into account environmental ﬁltering and recognize species that are ﬁltered
due to environmental conditions, one can consider the patterns of species habitat preferences (e.g. Ellenberg indicator values, Diekmann,
2003). For example, if community is dominated by species with low
light requirement, it indicates the environmental ﬁltering out of species
that prefer more light.
Biotic ﬁltering is a process where biotic interactions, e.g. competition
or facilitation drive the species co-existence (Mittelbach, 2012). One of
the crucial mechanisms in biotic ﬁltering is the priority effect of species
establishment. Priority effects occur when the species that arrive ﬁrst affect the establishment, growth or reproduction of species arriving later
mostly via (i) size-asymmetric competition, (ii) soil modiﬁcation by
plant-soil feedback, or by (iii) nitrogen facilitation in the case of initially
colonising legumes (von Gillhaussen et al., 2014). This means that
changes in the composition of spontaneous seed dispersal or manipulation of the order of arrival of species via propagule addition can create
alternative successional pathways, change community composition
and assembly and community functioning (Körner et al., 2008; von
Gillhaussen et al., 2014). Functional diversity is considered to be important in maintaining ecological processes and services (Cadotte et al.,
2011). For example, community stability has been shown to be related
to the number of species with different functional characteristics

(Biswas and Mallik, 2011). In most natural communities, functional
groups are generally represented by multiple species, enabling the community to retain important ecosystem functions in case of decreasing
diversity and the loss of some species (i.e. high functional redundancy,
Török et al., 2016).
Although we are not yet able to fully orchestrate ecosystem development via trait-based ecosystem engineering, the trait-based approach
can help to maximise the ecosystem functions and services following
restoration (Pywell et al., 2003). Recently, functional indicators have
been developed to assess and monitor success of restoration actions
(de Bello et al., 2010; Engst et al., 2016). Currently, the potential of the
trait-based approach both in restoration planning and for restoration
monitoring has been clearly underused. Functional trait composition
of the restored habitat should ideally represent the whole range of traits
available in the species pool for the particular habitat (Botta-Dukát and
Czúcz, 2016; de Bello et al., 2010). Dominance of certain trait values (e.g.
more tall-growing species or higher abundance of monocots and shrubs
compared to random expectation selecting from the potential pool of
species) can provide a warning signal of the failure to re-create a diverse
community and indicate the need for immediate management intervention or other action.
5. What time-scale needs to be considered for the evaluation of restoration success and species colonisation?
Restoration is not a fast process, although promising results within a
short timeframe are often expected by funders. Thus, rapid species colonisation and increase in species diversity is often required and expected following restoration activities. In most restoration projects, the
monitoring period is relatively short (often also due to funding issues),
resulting in short timeframes for scientiﬁc studies that evaluate restoration success and sustainability (Lengyel et al., 2008). How the desirable
state of the restored community is sustained over a longer period, is
often not studied and not known (Kelemen et al., 2014). However,
this kind of knowledge is already crucial in the planning phase of restoration actions (Török et al., 2011).
Spontaneous development of characteristic community composition
and high diversity is often a long-term process that can take decades
(Fagan et al., 2008). Local species diversity in grasslands has built up
over centuries and even millennia, ﬁrst by the impact of wild ungulates
and later by moderate management, enhancing species dispersal and facilitating metapopulation dynamics within habitats (Dengler et al.,
2014; Hanski and Ovaskainen, 2000). For example, plant species diversity in grasslands have been shown to be related to past human impacts
of up to 1000 years ago (Bruun et al., 2001; Pärtel et al., 2007), indicating
very slow species diversity dynamics which makes it challenging to observe and estimate restoration success (Dullinger et al., 2012; Dengler
et al., 2014).
There are considerable time lags detected in species extinctions following environmental change, termed “extinction debt” (Hanski, 2000).
Extinction debt develops because populations do not respond immediately to changing conditions due to their slow dynamics, but persist
for some time despite unsuitable conditions (Kuussaari et al., 2009;
Hylander and Ehrlén, 2013). If left disregarded and unaccounted, delays
in species response to environmental changes can lead to considerable
loss of biodiversity and complete failure of conservation activities. The
magnitude of already triggered extinctions is considered by some authors to be massive. According to Dullinger et al. (2012), a large proportion of threatened species in Europe are currently in extinction debt. For
example, Helm et al. (2006) estimated extinction debt to occur for ca
40% of habitat characteristic plants in Estonian grasslands. Kitzes and
Harte (2015) estimated extinction debt to occur for 30–50% of bird species in the world's biodiversity hotspots. However, time lags also provide an opportunity to avoid extinctions that have already been
destined to occur and to save species before the debt is paid. Hylander
and Ehrlén (2013) argued that, depending on the key factors behind
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the development of extinction debt, different actions should be implemented for successful restoration. Threat of future extinctions due to
changed environmental conditions requires rapid improvement of
local habitat quality, extinctions due to small population size require enlargement of habitat area and loss of metapopulation structure requires
the increase of habitat connectivity. However, these factors often work
hand-in-hand, thus it is important to ensure that suitable habitat quality, large habitat area and sufﬁcient connectivity have been achieved
during restoration.
Similarly to delays in already triggered extinctions, expected colonisations can take a considerable amount of time following restoration
(Jackson and Sax, 2010; Cristofoli et al., 2010). Delays in colonisations,
termed as colonisation credit or colonisation deﬁcit, have previously
been studied in invasion ecology and in relation to climate change
(Menéndez et al., 2006), but this has been recently recognized as a
topic of high importance in habitat restoration (Ozinga et al., 2009;
Gijbels et al., 2012; Cristofoli et al., 2010; Naaf and Kolk, 2015). Colonisation credit is the number of species yet to colonise a suitable habitat
(Jackson and Sax, 2010). Delay in species colonisation to suitable habitat
is caused by the slow and random nature of seed dispersal and establishment success. Similarly to extinction debt, that is often related to
habitat spatial conﬁguration and habitat fragmentation (Helm et al.,
2006, Lindborg and Eriksson, 2004), colonisation credit can be attributed to factors acting at a landscape-scale. Time of arrival for different species can be dependent on habitat availability in the surroundings
(Bagaria et al., 2015; Naaf and Kolk, 2015), magnitude of habitat area
loss (Piqueray et al., 2011), presence of mutualistic assemblages such
as pollinators or mycorrhiza (van der Heijden et al., 1998; Gijbels et
al., 2012) or availability of suitable dispersal vectors (Ozinga et al.,
2009). Different species respond differently to abovementioned factors,
depending on species individual characteristics (species traits). Species
with poor dispersal abilities or with necessity for use speciﬁc dispersal
vectors, species with limited competitive ability and rare species are expected to establish larger colonisation credit. As with extinction debt,
colonisation credit can take decades or centuries before it is ‘paid’.
Naaf and Kolk (2015) studied colonisation of forest species in younger
and older forest patches and found that colonisation credit can last up
to 230 years. Gjerde et al. (2012) found, for young forest patches, that
colonisation of epiphytic lichens can take up to 100–150 years before
same diversity levels are achieved as in old patches. Cristofoli et al.
(2010) found that in wet heathland plant communities, colonisations
had occurred relatively rapidly following restoration (in less than
25 years), but for some species groups, colonisations were delayed for
more than 25 years and smaller habitat patches experienced a greater
delay.
Possible methods for evaluating the existence of extinction debt include monitoring of the population characteristics e.g. changes in population size, ﬁtness or in genetic diversity, or evaluating community
parameters, whether testing the relationship between current diversity
parameters and past habitat conﬁguration or environmental conditions
(Kuussaari et al., 2009) or by using the measurements of abundance distributions and species spatial patterns in communities (Kitzes and
Harte, 2015). Assessing the magnitude of colonisation credit and identiﬁcation of the species potentially inhabiting the site requires quantiﬁcation of the habitat suitability for the species that occur in the region. The
dark diversity concept, described above, provides an opportunity to
quantify the set of potential colonizers (Pärtel et al., 2011). Providing
that there is sufﬁcient time for monitoring of restoration success, lasting
at least a decade (but ideally longer) following the restoration, it is possible to track the arrival time for different species.
Changing climatic conditions are necessary to take into account as
much as possible under current knowledge. Information provided by
climate-change studies and respective scenarios can help to set more
realistic goals as well as to work towards the mitigation of climate
change effects (Harris et al., 2006). Information about novel species
pools (described above) during monitoring process could help to adjust
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the restoration targets, enables to recognize species and habitats for
which conditions have become unsuitable and allows timely detect deviations in the successful recovery.

6. How can restoration support ecological theory? — conclusions
and outlook
As we pointed out in the former sections, the visible knowledge gap
between theoretical ecology and practice driven restoration still exists caused mostly by the different approaches combined with insufﬁcient
communication – but it can be bridged by theory-driven restoration
(see also Laughlin, 2014). However, it is not only practical restoration
that can beneﬁt from the advances in theoretical ecology: implemented
activities during habitat restoration also provide an excellent playground for testing various ecological concepts and theories in ‘real
world’ conditions. Increasing magnitude of habitat restoration activities
have revealed, and will continue to reveal, a number of practical, principal and conceptual questions and challenges that also boost and direct
theoretical ecological research (Young et al., 2005).
During the past decades many practical grassland restoration projects have been implemented in Palaearctic grasslands. By using the
search ﬁlters of ‘restoration measure’ and ‘grassland ecosystems’,
query in the database of EU-funded LIFE projects leads to 118 funded
projects between 1992 and 2016 (EU Life Program, 2016). Most of
these and also other restoration projects aim to manipulate site-level
conditions and to facilitate the establishment of a functioning target
community by using species transfer and improved local propagule
availability (Young et al., 2005). Similarly, most habitat restoration related research has been conducted to understand the role of local processes and habitat properties (i.e. site level ﬁlters) on species
establishment and target grassland recovery, while landscape-scale approach on restoration has been very rarely addressed (Brudvig, 2011).
In Europe, several large-scale grassland restoration projects have been
conducted and reported during the last decades (Lengyel et al., 2012;
Prach et al., 2013; Pywell et al., 2011), but only a small fraction of
these habitat restoration activities were carried out while considering
landscape level factors, land use changes or habitat history (Brudvig,
2011). However, most grassland restoration projects conducted so far
are able to provide information about (i) initial habitat conditions (e.g.
soil properties), (ii) species transfer rates (number and identity of transferred target species and reference habitat species), (iii) data on the
spread or suppression of problem species, and data (iv) on the measures
and techniques used for site preparation, species transfer or short- and
long-term post-restoration management (Kiehl et al., 2010; Török et al.,
2011). By compiling and analysing this kind of information, theories
linked to local species establishment and assembly rules can be tested
and improved.
To conduct better and more informed research both in restoration
ecology and in theoretical ecology, and for obtaining better restoration
results, we suggest that international/continental scale databases containing thorough information about restoration projects and about the
results and methodology of their monitoring are necessary. Large scale
databases already exist for example for plant traits, encompassing a
huge number of species (Kattge et al., 2011). For the restoration
database, the very ﬁrst steps have already been taken by the launch of
the SER Europe Knowledge Base (http://chapter.ser.org/europe/
knowledge-base/overview/).
It is highly desirable that every theoretical ecologist would at least to
some extent participate in practical nature conservation activities, leading to better link between disciplines and improved communication.
More active participation of theoretical scientists in conservation
works can be facilitated by scientists themselves wanting to improve
the link between theory and practice. However, it can also be facilitated
by improved requirements in restoration projects, demanding the inclusion and participation of actively publishing scientists.
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Knowledge and experience accumulated in practical restoration can
considerably beneﬁt theoretical ecology by improving the understanding of (i) temporal changes in community (e.g., state transitions; habitat
succession and effect of different starting conditions, convergent and divergent vegetation development; determinants of species turnover; priority effect vs. ‘year’ effects'; time-lags in community dynamics); (ii)
species assembly (e.g. functional diversity vs. species diversity; community and ecosystem stability; functional diversity and functional redundancy; keystone species; community structure and functioning); (iii)
species dispersal and establishment (e.g. dispersal vs. establishment
limitation); (iv) landscape-scale dynamics of biodiversity (e.g. landscape-scale determinants of genetic diversity, functional and phylogenetic diversity). However, these are only few examples where
experiences from habitat restoration can boost theoretical research
(see also Young et al. 2005, Palmer et al., 1997, and Temperton, 2007).
We emphasise that for increasing joint thinking and improving the
outcome of both practical restoration and theoretical ecology, ecological
research must focus more on untangling the issues that arise during restoration. Focused theoretical research that would solve the difﬁcult
practical problems frequently occurring in ecological restoration
would not only increase our understanding of community assembly
and functioning, but also would improve the practical implementation
of restoration. For example, detected differences, failures or even successes in target species establishment and the linkages to ecological assembly rules may facilitate the development of adaptive trait-based
multispecies seed mixtures, improve cost-effectiveness of restoration
and help to create resilient ecosystems in the light of global changes.
In conclusion, differences and gaps between typical practice-driven,
time and resource limited actions of ecological restoration and theoretical research are still visible. However, considerable improvement
would arise if in future we could (i) translate and link the current ﬁndings of theoretical ecology to restoration strategies; and (ii) to summarise the practical needs of restoration to obtain support from theoretical
ecology.
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